Abstract: Invasive species can have negative consequences on native reptile populations, especially on island systems. Chemical control can be a cost-effective way to control or eradicate invasive species. Chemical control is currently in use in New Zealand to limit impacts of non-native mammals and plants on a range of native biodiversity. However, it is important to consider the potential non-target risks of chemical control to native species that are likely already significantly reduced in number. We aimed to characterise the toxicity of several rodenticides and herbicides to reptiles and to provide a screening-level risk assessment of these chemicals applicable to native reptiles of New Zealand using the western fence lizard, Sceloporus occidentalis, as a surrogate organism. We used the Up-and-Down testing procedure to estimate oral toxicity for all compounds. We tested five rodenticides (brodifacoum, coumatetralyl, pindone, diphacinone and cholecalciferol). Only pindone was toxic to fence lizards at concentrations below 1750 µg g -1 (LD50 = 550 µg g -1 ). We tested five herbicides (glyphosate, clopyralid, triclopyr, metsulfuron-methyl and haloxyfop-methyl) and one common adjuvant in glyphosate formulations (polyethoxylated tallowamine or POEA). Only triclopyr was toxic to fence lizards below 1750 µg g -1 (LD50 = 550 µg g -1 ). Toxicity does not necessarily imply risk. Using the pindone concentrations in accepted bait formulations in New Zealand, a 10 g lizard would need to ingest 4.7 g of pindone bait in a single day in order to achieve toxic levels, which is extremely unlikely. We used the highest acceptable application rate for triclopyr to estimate risk for reptiles and found minimal risk of acute toxicity from triclopyr applications. Taken together, our data suggest little risk of reptile acute toxicity from the tested rodenticides or herbicides in New Zealand, but research into sub-lethal effects is also required in order to make informed decisions about the ecological impacts of chemically controlling invasive species.
Introduction
Reptiles are declining globally and invasive species are considered to be one of several factors contributing to these declines (Gibbons et al. 2000) . Reptiles inhabiting islands are particularly affected by the invasion of small mammals (Nogales et al. 2006) . On the islands of New Zealand, invasive species have been a major issue, with invasive mammals causing declines in many native taxa including reptiles (Nelson et al. 2014) . Rodenticides are applied to entire offshore islands to eradicate introduced mammals (especially rodents) from these systems (Towns & Broome 2003) and at the landscape level on New Zealand's main islands to protect biodiversity (e.g. Innes et al. 2010 ; Reardon et al. 2012 ). Specifically in New Zealand, anti-coagulant rodenticides have been used to control invasive mammals (e.g. brodifacoum; see Eason & Spurr 1995) . In addition, herbicides are used throughout New Zealand's islands and, outside of agricultural uses, are often used to control invasive plant species. However, it is important to ensure that the chemicals used to control invasive species do not also negatively impact reptile populations, especially considering that greater than 50% of native New Zealand reptiles are declining or threatened (Hitchmough et al. 2013) .
Chemical contaminants are an additional stressor that may be contributing to reptile declines (Gibbons et al. 2000) . Reptiles remain the least studied vertebrate group relative to other terrestrial vertebrates in ecotoxicology (Sparling et al. 2010) . Previous research has found that contaminant ecological risk assessments are difficult to perform for reptiles. In general, toxicity data are lacking for reptiles and current understanding of contaminant exposure is minimal (Weir et al. 2010) . In the United States, federal regulations for pesticide registrations (such as the Federal Insecticide Fungicide and Rodenticide Act) do not require testing of reptiles for pesticide registration, and this is generally the case worldwide. For terrestrial herpetofauna, results for avian species are considered representative of both amphibians and reptiles (USEPA 2004) . However, there are notable instances in which reptiles have greater sensitivity to contaminants than birds or mammals (Weir et al. 2010) . Therefore, research is needed to quantify the toxicity of pesticides to reptiles in order to adequately assess their ecological risk.
The effect of the rodenticides and herbicides used in New Zealand on native reptiles is difficult to determine based on currently available data (e.g. Hoare & Hare 2006a) . There is evidence to suggest that New Zealand reptiles will ingest bait (Freeman et al. 1996; Hoare & Hare 2006b; Marshall & Jewell 2007; Wedding et al. 2010) , and it is likely that a secondary poisoning pathway exists via their invertebrate prey (Erickson & Urban 2004) ; so two exposure pathways may exist for many rodenticide baits. In this paper we present an experiment that aims to quantify potential acute toxicity of several rodenticides and herbicides to lizards. Toxicity will be quantified as LD50s, defined as the median lethal dose, which represents the dose expected to cause 50% mortality in a group of individuals. We then estimate ecological risk of acute mortality of the chosen pesticides to lizards. Risk is determined by comparing the LD50s to exposure models for oral exposure. If exposure exceeds toxicity, this represents risk.
Materials and methods

Study organisms
We used the western fence lizard (Sceloporus occidentalis) as a surrogate species for native New Zealand reptiles. The western fence lizard has been previously vetted as a model organism for reptile ecotoxicology research (Talent et al. 2002; Suski et al. 2008) . Further, the fence lizard is a relatively small lizard (12-30 g used in the current study) that feeds primarily on small invertebrates, and thus provides a reasonable biological model for similar sized native New Zealand reptiles. We are not aware of any physiological mechanisms that would cause New Zealand lizards to be significantly more sensitive to pesticides, although data are greatly lacking for reptiles in general (Weir et al. 2010) . Mechanistic research on metabolic enzymes and other physiological factors that affect toxicity are very rare for reptiles. Taken together, we believe that the western fence lizard represents an adequate surrogate for New Zealand lizards (despite evolutionary distance) given the paucity of available model reptile species.
Adult male western fence lizards were acquired from the western fence lizard colony maintained at Oklahoma State University. Once received, all lizards were maintained in animal holding facilities approved by the Animal Care and Use Committee at Texas Tech University. Lizards were held individually in plastic containers measuring 11 cm deep × 15.5 cm wide × 28.5 cm long and were provided 1 kg of washed playground sand in each container as substrate. Lizards were also provided a small water dish (10 mL volume) for ad libitum drinking. Lizards were fed two large mealworms (approximate weight = 0.15 g each) every other day prior to initiation of experiments. The lizards were maintained on a 14:10 light dark cycle and a heat lamp was provided for 6 hours each day for thermoregulation. The heat lamp created a gradient of approximately 26-34°C in the container when the lamps were on. When the lamps were off, temperatures were maintained at 22 ± 4°C. These temperatures are higher than the average temperatures throughout New Zealand (especially in the south); however, they were optimised for the western fence lizard and also represent standard temperatures for studies of acute toxicity for vertebrate organisms. We discuss the importance of temperature in toxicity (see Discussion) and emphasise that investigating the role of temperature in toxicity should be an important future research focus, particularly for reptiles.
Acute toxicity experiments
Oral exposure was conducted as a pseudo-gavage and is generally intended to represent exposures in the field resulting from consumption of contaminated food items. The method has been described previously (Suski et al. 2008; Salice et al. 2009 ). Rather than intubate the lizards, repeatable and accurate dosing can be achieved with a standard #5 gelatin capsule (Torpac Inc.) and it is less stressful for the organism (Salice et al. 2009; Weir et al. 2015) . Another advantage of using gelatin capsules for dose administration is that no carrier solvent is required thus minimising potential absorptive effects of the carrier. The oral dosing method requires two researchers, one to firmly hold the lizard and to pull gently but firmly on the dewlap to slowly open the lizard's mouth. The second researcher then administers the dose by pushing the capsule far into the throat of the lizard to prevent the lizard from regurgitating the capsule after administration. Gelatin capsules were filled with a known mass of the pesticide of interest. The mass of pesticide was based on the weight of the lizard to achieve a body mass-specific dose (µg g -1 ). We chose five rodenticides and five herbicides for investigation of oral acute toxicity. The rodenticides chosen were brodifacoum, coumatetralyl, diphacinone, pindone and cholecalciferol. These rodenticides are currently registered and commonly used for control of rodents in New Zealand. The commonly used toxin 1080 (sodium monofluoroacetate) was not tested because it has been already evaluated for toxicity to Australian reptiles and based on evidence from a range of taxa there is little concern about lethal effects in reptiles (McIlroy et al. 1985) . Brodifacoum and coumatetralyl represent coumarin (or anticoagulant) rodenticides. Coumatetralyl is a traditional coumarin in that it requires multiple feedings to achieve toxicity, while brodifacoum is a second-generation anticoagulant with single-dose toxicity (Ware & Whitacre 2004) . Pindone and diphacinone represent indandione rodenticides (also anticoagulant). Pindone requires multiple feedings while diphacinone could be considered single-dose (Ware & Whitacre 2004) or multi-dose (Erickson & Urban 2004) . Cholecalciferol (also known as Vitamin D 3 ) is a newer rodenticide that does not belong to any specific mode of action group.
The herbicides chosen were glyphosate, triclopyr, clopyralid, metsulfuron-methyl and haloxyfop-methyl. Haloxyfop-methyl is an aryloxphenoxy propionate herbicide, glyphosate is a phosphono amino acid herbicide, triclopyr and clopyralid represent carboxylic acid herbicides, and metsulfuron-methyl is a sulfonylurea herbicide. These herbicides are currently registered for use in New Zealand. We also tested the toxicity of polyethoxylated tallowamine (POEA), which is a surfactant added to many varieties of Roundup, a common formulation of glyphosate. We tested both oral and dermal toxicity of POEA as it is a liquid at room temperature and no solvent was needed to test dermal toxicity. Roundup toxicity to amphibians has been well established, as well as very low toxicity from glyphosate itself (Mann & Bidwell 1999) . It is generally believed that the toxicity of Roundup to amphibians is due to the presence of POEA (Howe et al. 2004) , as is the case with aquatic invertebrates and fish (Giesy et al. 2000) . We acquired pure pesticides (purity >98% in all cases) and POEA from Chemservice (Westchester, PA, USA).
We modified the Up-and-Down Procedure (UDP) for estimating LD50s (OECD 2008) . The UDP has produced LD50 estimates very similar to those of traditional dose-response LD50 designs (Lipnick et al. 1995) , but uses considerably fewer animals (a maximum of 15 for the UDP compared to 40 or more for traditional LD50). Briefly, the UDP methodology encompasses dosing one individual at a time and changing the dose for the next individual as a result of short-term (e.g. 48 h or 96 h) outcomes. For example, if an organism is dosed at 55 µg g -1 and survives, the next dose is 175 µg g -1
.
If the individual had died at 55 µg g -1 , the next dose would have been 17.5 µg g -1 . This process is repeated until one of the stopping criteria is met. Therefore, the number of lizards dosed may be different between pesticides. All individuals surviving the first 4 days are observed for 14 days, and LD50 calculations are based on mortality at 14 days.
We employed the standard UDP approach with minimal modifications. First, for what we defined as short-term results, we observed lizards for 96 h rather than the standard 48 h, because reptiles have a slower metabolism than birds and mammals. Second, we selected 1750 µg g -1 as our highest dose rather than the standard 2000 µg g -1 or 5000 µg g -1
, in an attempt to reduce the number of lizards used in experiments. Because no previous knowledge of the toxicity of these pesticides is available for reptiles, we used the standard UDP doses of 5.5 µg g -1 , 17.5 µg g -1 , 55 µg g -1 , 175 µg g -1 , 550 µg g -1 and 1750 µg g -1 . Lizards were observed for a 1-week acclimation period prior to the initiation of toxicity testing. Prior to dosing, lizards were housed as described above. After receiving a single dose via pseudo gavage, lizards were not provided a basking lamp (to decrease variability associated with metabolic rate and subsequent effects on toxicity) during the 14-day observation period and food was withheld for the first 96 hours of observation. All lizards were given the same standard doses (ranging from 5.5 to 1750 µg g -1 ) as outlined in OECD guidelines (OECD 2008) ; therefore, resulting LD50 estimates can often be very similar as the same doses are used for all pesticides tested (see Weir et al. 2015) .
The standard short-term response for toxicity is 48 hours; however, lizards have a slower metabolism than birds and mammals, so the observation period was extended. Longer observation may be especially important for some of the rodenticides tested, which may exhibit a lag between dosing and mortality (e.g. brodifacoum; Littin et al. 2000) . Any lizard that survived the 96 h short term observation period was then observed for an additional 10 days to score long-term response to the pesticide. After the initial 96 h observation period, lizards were provided one mealworm every other day until the entire 14-day observation period was completed. Lizards were provided less food to decrease the potential for food/ toxicity interactions and because many lizards at very high doses displayed food avoidance.
Following the 14-day observation period, all remaining lizards were euthanised according to approved methods using CO 2 exposure followed by decapitation (AVMA 2013). After decapitation, lizard carcasses were retained for later chemical analysis and were frozen at -80°C until extraction and analysis.
All activities were approved by the Animal Care and Use Committee of Texas Tech University (#13012-01).
We calculated LD50s using AOT25STATPRG software developed by Westat for the USEPA (software available at: www.epa.gov/oppfead1/harmonization/docs/AOT425Setup. exe). In general, for the UPD, LD50s are calculated using maximum likelihood methods, for full details see OECD (2008) .
Risk estimation
To place the rodenticide and herbicide LD50s into context, we estimated risk using two different methods for each pesticide type. For rodenticides we compared estimated daily feeding requirements to the mass of bait necessary to achieve toxicity. Our toxicity threshold was the lower confidence limit of the LD50 for each rodenticide or 1750 µg g -1 (the highest dose tested) if toxicity did not occur in our experiments. We assumed our toxicity estimates were applicable to native New Zealand reptiles in the absence of any other data for comparison. The USEPA Wildlife Exposure Factors Handbook provides a formula for estimating daily ingestion rates for reptiles:
where IR is ingestion rate in g and BW is lizard body mass (g) (USEPA 1993). We estimated the mass of bait needed to elicit toxicity in 10 to 80 g lizards using the bait concentration as well as the toxicity threshold. We chose this weight range as most of the threatened reptiles in New Zealand fall within this range (Hoare et al. 2007) . As an example, if the LD50 is 100 µg g -1 , a 10 g lizard would need to ingest 1000 µg of the rodenticide. If the bait concentration is 50 µg g -1 , this equates to 20 g of bait ingested to achieve toxicity. Bait concentrations came from New Zealand Department of Conservation reports listing formulations with a range of active ingredients (e.g. 170-500 µg g -1 for pindone ; Fairweather & Fisher 2012) . We estimated risk by comparing the daily feeding requirements of a 10 g lizard (approximately 0.077 g from the ingestion rate formula), to the mass of bait needed to elicit toxicity. There is a high likelihood that lizards could ingest more than the estimated daily feeding requirement. For example, lizards in this study regularly consumed 200-300 mg of food (two mealworms, every two days).
The formulae that the USEPA uses to estimate feeding rates are averaged to daily estimates, which is logical for birds and mammals that commonly feed every day. Reptiles may not have daily feeding events, so a 300 mg feeding event once during a 3-day period will average out to 100 mg per day. Because this theoretical reptile only ate once during a 3-day period, the 100 mg per day estimate actually underestimates the mass of a single feeding event. Therefore, we have also estimated risk assuming the lizard eats an optimal amount of food every day. An optimal food quantity was calculated using the 300 mg value of two mealworms for a 20 g lizard. The estimated food ingestion rate for a 20 g lizard is approximately 132 mg per day. We then used the ratio of 300 mg to 132 mg for a 20 g lizard and increased all food ingestion estimates for all lizards by the same factor (2.27), which provides an estimate of 'optimum feeding'. We calculated feeding requirements for one day and seven days with both methods. If more than 100% of daily feeding is needed to exceed toxicity thresholds, this suggests that the risk of acute toxicity is low as our models made very conservative assumptions (e.g. the lizard eats only contaminated bait, the lizard eats every day for 7 days, etc.).
For herbicides, we used previous methods (Weir et al. 2010) to perform a screening level risk assessment of toxicity from a single herbicide application. Herbicide exposure was estimated using the standard USEPA methods for terrestrial exposure (i.e. TREX software). The TREX software uses the Kenaga Nomogram to estimate residues on common food items based on a specified application rate. We used a standard application rate (1.12 kg ha -1 ) that is common to commercial formulations of herbicides and also represents a high-end application rate for the herbicides used in these experiments. A standard allometric field metabolic rate averaged for all reptiles is available in the USEPA Wildlife Exposure Factors Handbook (USEPA 1993). The daily dietary exposure is estimated as:
where FMR is field metabolic rate (kcal per day), BW is lizard body mass (g), 45 (µg g -1 ) is the pesticide residue on the food item (small insects in this case) assuming a standard 1.12 kg ha -1 application rate, and 1.7 (kcal g -1 ) is the assumed calorie value of small insects. Dose estimates are allometrically scaled to body mass, and we estimated exposure for reptiles ranging in body mass from 10-80 g. Exposure estimates were compared to toxicity data from the current study to estimate risk to create a risk quotient (exposure/toxicity). A risk quotient >1 suggests a potential for an adverse effect and that risk of toxicity from estimated exposure cannot be precluded (USEPA 2004). We used the lower confidence limit of the estimated LD50s for each herbicide, if toxicity did not occur at doses up to 1750 µg g -1 we assumed the LD50 was 1750 µg g -1 . Therefore, these risk estimates are conservative because the true toxicity value for these herbicides was >1750 µg g -1 .
Results
Few of the pesticides we tested were toxic to fence lizards below 1750 µg g -1 over the entire 14-day observation period (Table 1) . Of the five rodenticides tested, only pindone caused toxicity below 1750 µg g -1 with an LD50 of 550 µg g -1 (235.4-778 µg g -1 95% CI). All other rodenticides were essentially non-toxic to reptiles. Diphacinone caused some mortality at 1750 µg g -1 (2 out of 5 lizards) suggesting the LD50 is near 1750 µg g -1 . A similar result was found for the herbicides tested. Only triclopyr caused toxicity below 1750 µg g -1 , with an LD50 of 550 µg g -1 (228.6-664 µg g -1 95% CI). All other herbicides and surfactants caused no toxicity at doses up to 1750 µg g -1 . The risk of acute toxicity appears to be very low, even for compounds that elicited toxicity in our experiments. Our food ingestion rate models suggest that lizards would need to consume bait in excess of 300% of their daily food requirements to exceed the lower limit LD50 estimated for pindone (235.4 µg g -1 ) even under assumptions of very high feeding rates (0.3 g per day for a 20 g lizard, Table 2 ). Using the field ingestion rate (0.077 g per day), lizards would need to consume bait >800% of their daily food requirements to reach the lower limit LD50. Because toxicity estimates (i.e. LD50s) are very high for all herbicides (even triclopyr, relatively speaking), risk estimates (i.e. risk quotients) for field applications are very low (<0.02 for triclopyr, <0.002 for other herbicides) and varied little across body masses (Table 3) .
Discussion
The toxicity of the rodenticides and herbicides to fence lizards tested in these experiments was generally very low with two exceptions (pindone for rodenticides, triclopyr for herbicides). The low toxicity of most pesticides from these two classes is not surprising, as neither group is designed to be toxic to ectothermic vertebrates. Rodenticides are designed to target endothermic organisms and generally have a mechanism of action that is most effective for endothermic physiology. Many rodenticides have a long half-life in the target organism and toxicity may take many days to manifest. Because reptiles have a much slower metabolism than mammals (Nagy et al. 1999) , it may take longer for toxicity to occur in reptiles than mammals given the same dose.
Because rodenticides target endothermic organisms, the POEA was provided as a liquid at room temperature so no solvent was used in the dermal toxicity test. Haloxyfop-methyl was provided as a liquid at room temperature. Such a small volume of liquid was provided that it was exceedingly difficult to measure out accurate weights of the pure haloxyfop-methyl into capsules. Therefore, acetone was added to the liquid haloxyfopmethyl to provide accurate doses. Table 2 . Risk summary for acute mortality of rodenticides to lizards. Risk is reported as a proportion of daily feeding needed to reach the LD50 (lower confidence limit). For the rodenticides other than pindone, toxicity did not occur with doses up to 1750 µg g -1 , so the LD50 is an overestimate of toxicity based on our highest dose. Further, for brevity, we provided risk estimates for only the 10 g lizards for these rodenticides as risk was always highest for 10 g lizards. For each rodenticide, we provided the greatest bait concentration permitted for use in New Zealand. A proportion greater than 100% suggests little risk as toxicity to lizards could not be achieved by feeding exclusively on bait. Risk estimates are provided using standard USEPA daily ingestion rate models as well as 'optimal food' ingestion rates which represents known quantities of food ingested by the lizards in our experiments (see text for details). (Fairweather & Fisher 2012) , brodifacoum (Broome et al. 2012a ), diphacinone (Broome & Fisher 2012) , coumatetralyl (Broome et al. 2012b ), cholecalciferol (Fairweather & Fisher 2011) . ) then there may be a pattern of multidose rodenticides having higher toxicity to reptiles than singledose. There was never an indication of toxicity from coumarin derivative rodenticides. More research is needed to determine if this observation results from consistently greater toxicity of indandione rodenticides to reptiles. There may be a mechanistic explanation for greater toxicity of indandione rodenticides that is currently unknown. There is very little previous research of the toxicity of rodenticides to reptiles. However, Brooks et al.
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(1998) report preliminary toxicity of diphacinone to brown tree snakes (Boiga irregularis) and report toxicity occurring at doses of 20 (1 of 5 snakes), 40 (3 of 5 snakes), and 80 µg g -1 (5 of 5 snakes). Why Brooks et al. (1998) found higher toxicity than we did in our study is currently unknown. A potential confounding factor was that Brooks et al. (1998) used a carrier solvent (propylene glycol) for dosing while we used capsules without a carrier solvent. Perhaps the solvent facilitated uptake of diphacinone or altered toxicity via some other mechanism (Weir et al. 2015 ). An additional important consideration in comparing our data to those of Brooks et al. (1998) is inter-species differences in sensitivity. McIlroy et al. (1985) reported that larger predator/scavenger reptiles were more sensitive to 1080 than other reptiles. Our results have a similar pattern in which our smaller lizard was less sensitive than the larger brown tree snakes used by Brooks et al. (1998) . Future research with diphacinone is warranted to determine how common reptile sensitivity to diphacinone occurs, and the mechanism for the noticeable differences between our data and those of Brooks et al. (1998) . Size-based differences may be especially important for New Zealand reptiles considering the large differences between tuatara (Sphenodon punctatus) and other smaller native lizards.
Many herbicides have plant-specific modes of action that do not affect animal physiologic processes. An example is glyphosate, the active ingredient in Roundup brand herbicides. The mode of action for glyphosate is inhibition of essential amino acid synthesis. The biochemical pathway appears to be unique to plants and some microorganisms, and is generally of low toxicity to animals (Giesy et al. 2000) . However, preliminary research on glyphosates and their adjuvants suggests herbicides used in New Zealand can have measurable physiological effects on native lizards (Carpenter et al. 2016 ). As such, research into potential sub-lethal effects of rodenticides and herbicides on reptiles is warranted. As an example, an important sub-lethal effect of rodenticides could be coagulopathy (a condition in which the blood's ability to clot is impaired) which may not directly result in mortality, but when combined with another stressor (e.g. being attacked by a predator) may combine to result in lethal excess bleeding or hemorrhaging (Rattner et al. 2011) . The toxicity of triclopyr to lizards was somewhat surprising. Triclopyr is a carboxylic acid herbicide (also known as pyridinoxy and picolinic acid herbicides), which generally has a hormone mimic mode of action (Ware & Whitacre 2004) . Because the hormones are not found in animal cells, these herbicides generally do not have high toxicity to animals. It is important to note that while we recorded lizard toxicity from triclopyr, the toxicity values were still quite high (LD50 = 550 µg g -1 ) and are probably environmentally unrealistic under normal application scenarios.
Our risk models, which included estimates of exposure, suggest little risk of acute toxicity of our chosen pesticides to lizards. The only rodenticide that was toxic at experimental doses (pindone) would require a 10 g lizard to ingest 4.7 g of bait. It is unlikely that the stomach of a 10 g lizard could accommodate 4.7 g of bait. Given that most native New Zealand reptiles experience much cooler temperatures than the 23°C used in our experiments (except during the warmest summer months), a 10 g lizard ingesting 4.7 g of bait is even more unlikely. For example, Freeman et al. (1996) provided pindone baits to skinks and allowed ad libitum feeding on the bait. The highest mass of bait ingested by a single lizard was 0.14 g and the mean weight of the skinks was 2.8 g. Taken together, the available information indicates that it is very unlikely that a lizard could ingest enough bait to achieve toxicity with pindone.
In most cases it seems that toxicity from a single feeding event is practically impossible because sufficient doses will not be reached. Brodifacoum is almost non-toxic to reptiles (LD50 >1750 µg g -1 ). Assuming the LD50 is 1750 µg g -1 , then 17500 µg is needed to achieve toxicity in a 10 g lizard. Brodifacoum rodenticide formulations approved in New Zealand have a range of proportion of active ingredients from 20-50 µg g -1 (Broome et al. 2012a) . A 10 g lizard would have to ingest 350 g of the 50 µg g -1 bait to achieve a dose of 1750 µg g -1 . Nevertheless, our data are preliminary, and future experimental work with longer observation periods, multiple doses, and/or the presence of a basking lamp may provide additional insights.
All risk estimates for herbicides were much lower than 1 (all <0.02) and so are unlikely to result in observable adverse effects in realistic environments. To provide some context, in order to achieve exposure levels that would create even moderate risk of acute toxicity, application rates would need to be more than 50-times greater than our assumed application rate (1.12 kg ha -1 ). The assumed application rate of 1.12 kg ha -1 may itself be higher than most application rates for the herbicides of interest. While our risk estimate only takes dietary exposure into account, including other routes of exposure would likely not increase risk estimates to significant levels (Weir et al. 2010) .
It is well established that the toxicity of compounds to ectothermic organisms can be highly dependent on temperature (Cairns et al. 1975) . The effect of temperature is dependent on the mode of action of a given pesticide. For example, pesticides that require metabolic activation (e.g. some organophosphorous insecticides) will be expected to be more toxic at higher temperatures due to increased metabolism (Lydy et al. 1999) . Conversely, pesticides that do not require metabolic activation and are broken down and excreted by metabolic processes (e.g. some pyrethroid insecticides) are expected to be less toxic at higher temperatures (Sparks et al. 1983 ). The toxicity of pyrethrins (the natural product pyrethroid insecticides are derived from) to Carolina anoles (Anolis carolinensis) is highly dependent on temperature, with lower temperatures causing a significant increase in toxicity (Talent 2005 ). We exposed fence lizards to pesticides under controlled standard laboratory temperatures (22 ± 4°C) to aid comparisons with other standard test data, but these temperatures are higher than those experienced by most New Zealand reptiles. We have previously shown that the presence of a heat lamp following dosing can significantly alter toxicity estimates (Weir et al. 2015) . Some of the compounds tested in the current study (e.g. brodifacoum) have long half-lives (up to months) and may circulate in rodents for several days before toxicity manifests (Vandenbrouke et al. 2008) . For reptiles, the length of time needed for toxicity to occur will be much longer than mammals due to decreased metabolism and absorption of the chemical following exposure.
The length of the post-dose observation period may be important for some of the pesticides we investigated. For example, while brodifacoum can exert toxicity following a single feeding event, mortality can lag significantly following the feeding event. Reports of time-to-death (in days) of some mammals following ingestion of toxic doses of brodifacoum were 5.6-8.5 for Norway rats (Rattus norvegicus), 14.9-45.3 for brushtail possum (Trichosurus vulpecula) (Littin et al. 2000) , and 2-18 for rabbits (Oryctolagus cuniculus; Godfrey et al. 1981) . If it is assumed that metabolic rate can play a role in manifestation of toxicity (in addition to toxicokinetic/ toxicodynamic causes), toxicity may manifest in our lizards after 14 days of exposure. It might be prudent for future researchers to consider longer observational periods for pesticides with a known lag in the onset of toxicity. Similarly, for compounds that require multiple feedings to elicit toxicity (e.g. coumatetralyl), toxicity may be greatly underestimated using single dose toxicity estimates (Vyas & Rattner 2012) .
Finally, in an attempt to contextualise our reptile toxicity data against more widely available data, we provide a summary of the available mammal and avian toxicity data for the chosen pesticides in comparison to reptiles (Table 4) . Not surprisingly, the mammalian LD50s for rodenticides are generally much lower (greater toxicity) compared to reptiles. Pindone is the only rodenticide for which reptilian toxicity is even remotely close to mammalian toxicity. In addition, pindone represents the least toxic rodenticide to mammals of the five we tested. Results were more varied for birds with some rodenticides being highly toxic (e.g. brodifacoum) and some not very toxic Table 4 . Summary of available toxicity data (LD50 in µg g -1 ) for reptiles, birds, and mammals for the chosen pesticides. Reptile data are from the current study; no other sources of reptile toxicity data were available for these pesticides, except diphacinone. Brooks et al. (1998) report an oral LD50 of approximately 40 µg g -1 for brown tree snakes exposed to diphacinone. Sources are provided for bird and mammal data and are generally based on large toxicity databases as many of the LD50s reported here could be traced back to registration requirements for the USA. If two or more LD50s were available (n ≥2) for a pesticide, the mean LD50 is reported and the range of the LD50s is also provided. Range or sample size data are not available because insufficient toxicity data were found for this pesticide.
c N/A = toxicity data was not found for this taxon for this compound.
at all (e.g. coumatetralyl). Avian and reptilian sensitivity was also similar for pindone. For the herbicide data, many of the LD50s reported for mammals and birds were greater than our highest tested dose. Therefore, it is not known how reptiles and mammals compare for many of the herbicides studied. Perhaps surprisingly, the toxicity of triclopyr was greater (lower LD50) for reptiles than birds/mammals. More toxicity data across a wider range of tested doses is needed to determine how often reptiles and mammals have similar toxicity to herbicides. The results of this research suggest that the rodenticides and herbicides used on public lands in New Zealand appear to pose little acute risk of mortality to reptiles. The one exception may be the use of pindone, as reptile and mammalian toxicity is similar, and pindone usually requires multiple doses to control rodents. More research is needed to determine the toxicity of pindone to reptiles from multiple doses and, in order to more accurately estimate risk, a more thorough exposure regime is needed for pindone that can incorporate estimates of bait take (similar to Jessop et al. 2013) . Importantly, we have not considered chronic exposure nor sub-lethal toxicity (e.g. Carpenter et al. 2016) . Our data represent a first attempt to quantify the toxicity of several pesticides to reptiles, but more data are needed to ensure that native New Zealand reptiles are adequately protected from the use of pesticides to control invasive species. However, relative to the danger posed by invasive species, the positive aspects of using rodenticides likely outweigh the potential toxicity to reptiles (e.g. Brown 1997 ).
